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a b s t r a c t
Research addressing the health impacts of polychlorinated biphenyls (PCBs) has primarily focused on the
effects of coplanar, or dioxin-like (DL), congeners, which is especially true for research assessing impacts
in ﬁsh species. Ortho substituted non-coplanar, termed non-dioxin-like (NDL), PCBs have received less
attention. In mammals, NDL PCBs enhance the activity of ryanodine receptors (RyR), calcium release channels necessary for engaging excitation–contraction (EC) coupling in striated muscle. We utilized in vitro
receptor binding analysis to determine whether NDL PCB congeners detected in aquatic environments
alter the activity of RyR isoform 1 (RyR1) found in the skeletal muscle of rainbow trout. Congeners 52,
95, 136, and149 were the most efﬁcacious leading to an increase in receptor activity that was approximately 250% greater than that found under solvent control conditions. Other environmentally relevant
congeners, namely PCB 153, 151 and 101, which all contain two or more chlorines in the ortho-position,
enhanced receptor activity by greater than 160% of baseline. The mono-ortho congeners or the non-ortho
PCB 77 had negligible impact on the RyR1. When combined, in binary or environmentally relevant mixtures, congeners shown to enhance receptor activity appeared to display additivity and when the active
PCB 95 was present with the non-active congener PCB 77 the impact on receptor activity was reduced
from 250% to 230%. The important role of the RyR and the demonstrated additive nature of NDL congeners
toward altering channel function calls for further investigation into the ecological implications of altered
RyR function in ﬁsh with high PCB burdens.
© 2013 Elsevier B.V. All rights reserved.

1. Introduction
Polychlorinated biphenyls (PCBs) are a class of halogenated
aromatic hydrocarbons representing 209 different congeners with
varying placement and degrees of chlorine substitution. They were
used as mixtures throughout the early part of the 20th century in
a wide array of industries where their high stability and lipophilic
nature made them ideal ﬂame retardants, plasticizers, lubricants,
paint additives and sealants. These characteristics, combined with
their heavy usage and improper disposal, led to their accumulation in the environment and subsequently human and wildlife
species (Beyer and Biziuk, 2009). Due to concerns over the health
of humans and the environment, PCBs were banned in the 1970s;
however, more than 40 years later they are still commonly detected
in all forms of environmental media gaining global recognition as a
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contaminant of concern (Van den Berg et al., 1998, 2006; Faroon
et al., 2003).
In aquatic ecosystems, speciﬁcally, studies of US waterways
show that PCBs are amongst the most commonly detected contaminant classes (Stahl et al., 2009) occurring in the sediment (Hwang
et al., 2006), as well as, organisms from plankton up to top predators (Howell et al., 2008; Walters et al., 2011). In ﬁsh, the most
recent and comprehensive study conducted in lakes across the US,
detected PCBs in 100% of the samples collected with concentrations
reaching 704 and 1200 g kg−1 in predatory and bottom dwelling
ﬁsh respectively. With mercury in ﬁrst place, the PCB load represented the second leading cause for ﬁsh consumption advisories,
and over 16% of ﬁsh in US lakes were predicted/estimated to contain PCB levels above what is considered safe to consume (Stahl
et al., 2009; USEPA, 2009). Additionally, PCBs are well known to
biomagnify across trophic levels showing high concentrations in
top predatory ﬁsh including wild and farmed salmon species (Hites
et al., 2004a), ﬁsh from the Great Lakes of North America (Dellinger
et al., 2013), as well as, species caught in the Paciﬁc and Atlantic
Oceans (Domingo and Bocio, 2007; Hayward et al., 2007; Tanabe
and Ramu, 2012).
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Due to their wide spread environmental occurrence the toxic
impact of PCBs has received a great deal of attention. Of the 209
different PCBs, which vary by degree and placement of the chlorine
substitution, toxicity studies have primarily focused on the mode
of action of coplanar congeners, especially in non-mammalian
species, namely ﬁsh. The coplanar PCBs lack chlorine substitution
in the ortho position and are often termed dioxin-like (DL) due to
their similar action on the arylhydrocarbon receptor (AhR) ascribed
to 2378-tetrachlorodibenzodioxin (TCDD). When dioxins or DL
compounds bind the AhR this leads to the nuclear localization of
the AhR–ligand complex, where it interacts with the AhR nuclear
translocator (ARNT). The AhR-ARNT complex binds to speciﬁc DNA
response elements leading to the transcription of AhR responsive
genes including the well-studied cytochrome P4501A (CYP1A) and
other xenobiotic metabolism enzymes (Denison and Nagy, 2003;
Köhle and Bock, 2007). This pathway is thought to be involved
in mediating, at least in part, the organismal toxicity observed
in ﬁsh exposed to dioxin like compounds, such as coplanar PCBs.
Dioxin like toxicity endpoints in ﬁsh, have recently been reviewed
(King-Heiden et al., 2012) and include altered growth and food
intake, an array of developmental malformations such as cardiac
edema and cranial malformations, skin lesions and impaired
reproductive success.
Non-coplanar PCBs, those with two or more chlorines in the
ortho position, are considered non-dioxin like (NDL) because
they have little to no activity at the AhR in mammalian and
non-mammalian species (Giesy and Kannan, 1998). These NDL
congeners have received far less attention in regulatory considerations. They are linked to a number of toxic endpoints that are
believed to be independent of the AhR pathway including altered
thyroid signaling (e.g. Khan and Hansen, 2003; Brar et al., 2010;
Giera et al., 2011) and developmental neurotoxicity (Pessah et al.,
2010; Wayman et al., 2012a, 2012b). Several indicators regarding
the neurotoxic potential of PCBs include effects on the central nervous system that are correlated with altered reﬂexes, cognitive
and motor functioning, and hearing impairments in mammalian
species (Pessah et al., 2010). Here, the neurotoxic potential of PCBs
is believed to be independent of the well-known effects on the AhR
due to ﬁnding that show that non-coplanar, rather than DL coplanar, PCBs are enriched in the brains of individuals with impaired
neurodevelopment and that studies using pure non-coplanar PCBs
demonstrate developmental neurotoxicity (Pessah et al., 2010).
The direct mechanism by which NDL PCBs lead to developmental neurotoxicity remains elusive. A suggested mode of toxic action
includes their ability to alter Ca2+ dynamics and Ca2+ dependent
signaling through the activation of the ryanodine receptor (RyR)
(Pessah et al., 2010) and potentiation of GABA-induced currents
mediated by ˛1 ˇ2  2L expressed in Xenopus oocytes (Fernandes
et al., 2010). The RyRs are integral membrane proteins anchored
within the sarcoplasmic reticulum (SR) and endoplasmic reticulum (ER) that have a well-known role in physiological and
pathophysiological processes of the peripheral and central nervous systems. They are; however, most known for their role in
excitation–contraction (EC) coupling in both cardiac and skeletal
muscle. Here, muscle cell depolarization provides the signal to activate voltage gated L-type Ca+ channels within the transverse tubule
membrane, which through direct mechanical link and/or Ca2+ entry,
signals the opening of RyR channels that release Ca2+ stored within
the SR/ER. Ca2+ release mediated by RyR channel activation thereby
ampliﬁes Ca2+ signals necessary for fundamental biological processes including muscle contraction and neuronal growth (Pessah
et al., 2010; Berridge, 2012). Therefore, the interaction of NDL PCBs
with RyRs can contribute to acute impairments in muscle function
and long-term declines in muscle health (Lanner, 2012), but the
implications of RyR dysfunction on muscle health in ﬁsh require
further investigation.
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The form and function of the RyR is highly conserved across
vertebrate taxa (Franck et al., 1998; Darbandi and Franck, 2009)
yet the action of NDL PCBs on the channel’s activity has not
been addressed outside of mammalian species. Speciﬁcally, teleosts
share approximately 70% sequence homology with mammalian
RyR isoforms (Franck et al., 1998; Darbandi and Franck, 2009) and it
has been demonstrated that altering the function of RyRs, or related
proteins in ﬁsh, leads to altered muscle function and swimming
performance (Hirata et al., 2007; Seebacher et al., 2012). Together
these ﬁndings suggest that NDL PCBs may activate the RyR in ﬁsh
presenting a threat to the developmental and/or physiological processes in teleost species. Furthermore, studies measuring complete
congener proﬁles in ﬁsh show that NDL PCBs far exceed concentrations of those DL congeners which are potent at the AhR (Partial
congener list see Table 1; USEPA 2009) supporting the need to evaluate the risk posed by the NDL congeners in aquatic ecosystems.
To conﬁrm a common mode of toxic action across vertebrate
taxa we assessed whether NDL PCB congeners alter the activity of
the RyR found in skeletal muscle, namely RyR isoform 1 (RyR1), of
the rainbow trout (Oncorhynchus mykiss). We assessed the individual toxicity of 20 different PCB congeners (Table 1) with varying
degrees of chlorine substitution, as well as, the impact of binary
and complex environmentally relevant PCB mixtures. Speciﬁc congeners of interest were chosen based on several criteria. First, in
the trout, we chose to assess the impact of those congeners previously shown to enhance the RyR1 in mammals (Pessah et al., 2006).
Second, to better represent realistic exposure scenarios, congeners
that are found at high concentrations in ﬁsh tissue in US lakes (Stahl
et al., 2009; USEPA, 2009) were evaluated. The congeners assessed
included the non-coplanar PCB 77 as a reference for DL PCB effects.
We did not assess the non-ortho PCB 126 because it has previously
been shown to be inactive toward the RyR1 in mammals (Pessah
et al., 2006) and its frequency of detection was only about 11% of
the predatory ﬁsh analyzed (Table 1). Also, due to the fact that PCBs
are often present in the environment with other halogenated compounds we began addressing the potential impacts of PCBs in the
presence of polybrominated diphenyl ethers (PBDE). We chose to
assess the activity of PBDE 49, alone and in the presence of a NDL
PCB, because it is a non-coplanar compound commonly detected in
ﬁsh (Hites et al., 2004b) that is highly efﬁcacious toward the RyR1
in mammals (Kim et al., 2010).
2. Materials and methods
2.1. Chemicals
The PCB and PBDEs utilized in this study were purchased
from AccuStandard (New Haven, CT) as neat preparations and
upon receipt solubilized in anhydrous dimethyl-sulfoxide (DMSO;
Sigma–Aldrich, St. Louis, MO). Chemical purity for all PCB congeners
purchased was greater than 99.7%. All other chemicals utilized for
the creation of buffers were purchased from Sigma–Aldrich unless
otherwise stated.
2.2. Crude microsomal protein preparations
Rainbow trout were obtained from Mt. Lassen Trout Farms
(Paynes Creek, CA) at approximately 9 months post hatch. Following an overdose of tricaine methanesulfonate the left skeletal
muscle ﬁlet of trout were excised, immediately ﬂash frozen in liquid nitrogen and stored at −80 ◦ C until prepared for biochemical
assays.
To obtain crude microsomal protein samples enriched in RyR1,
approximately 5 g of skeletal muscle tissue, which represented the
partial ﬁlets combined from 4 to 5 ﬁsh, was minced with scissors
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Table 1
Estimated detection levels of individual PCB congeners in predatory ﬁsh from US lakes.a
PCB congener

Chlorine substitution

Sum of all congeners

Sample detection (%, n = 486)

Maximum concentration (g kg−1 )

100

704.92

2.16

Maximum concentration (M)

Ortho-substituted
20 + 28
44b
52
66
95b
99b
101b
110b
132
136
149b
151b
153b
170
180b
183b
187
194

2,3,3 or 2,4,4
2,2 ,3,5
2,2 ,5,5
2,3 ,4,4
2,2 3,5 ,6
2,2 4,4 ,5
2,2 ,4,5,5
2,3,3 ,4 ,6
2,2 ,3,3 ,4,6
2,2 ,3,3 ,6,6
2,2 ,3,4 ,5 ,6
2,2 ,3,5,5 ,6
2,2 ,4,4 ,5,5
2,2 ,3,3 ,4,4 ,5
2,2 ,3,4,4 ,5,5
2,2 ,3,4,4 ,5 ,6
2,2 ,3,4 ,5,5 ,6
2,2 ,3,3 4,4 ,5,5

88.07
93.00
96.5
94.65
98.56
99.59
99.59
99.79
99.79
89.51
99.38
97.12
99.79
97.33
99.38
98.35
99.38
99.18

7.91
10.70
12.50
8.00
17.20
24.30
36.50
31.80
9.02
2.67
25.50
13.00
101.00
18.20
55.80
14.80
39.70
9.78

0.03
0.04
0.04
0.03
0.05
0.07
0.11
0.10
0.02
0.01
0.07
0.04
0.28
0.05
0.14
0.04
0.10
0.02

Non-ortho substituted
77c
126c

3,3 4,4
3,3 4,4 ,5

37.24
10.49

0.28
0.30

≤0.01
0.01

a
b
c

Tissue levels based on the maximum detected concentration of individual congeners as summarized from USEPA 2009 (EPA-823-R-09-006).
Congener co-eluted with other PCBs.
Alter AhR related pathways; Van den Berg et al. (1998, 2006).

in 5 volumes ice cold homogenization buffer consisting of 300 mM
sucrose, 20 mM HEPES and the following protease and phosphatase
inhibitors: 2 g ml−1 leupeptin, 1 mM PMSF, 10 mM NaF, 2 mM ␤Glycerol, 5 mM Na4 P2 O7 and 0.5 mM Na3 VO4 (pH 7.2). Tissue was
further homogenized with a Polytron E2000 with 2 bursts of 20 s at
half speed, with 2 min on ice between bursts. Homogenates were
centrifuged at 8000 rpm (4 ◦ C for 15 min) and the supernatants
passed through two layers of cheesecloth. The pellet was subsequently re-homogenized as above in 5 ml homogenization buffer
and the centrifugation steps repeated. Resulting supernatants were
combined and underwent ultracentrifugation at 32,500 rpm (4 ◦ C
for 1 h). The supernatant was discarded and the pellet re-suspended
in 300 mM sucrose, 20 mM HEPES using a glass Dounce homogenizer. Protein concentrations were determined in triplicate using
a BCA Protein Assay (Fisher Scientiﬁc, Pittsburgh, PA) and the resuspension placed in 100 l aliquots and stored at −80 ◦ C.

2.3. Chemical-enhanced ryanodine receptor activity
The plant alkaloid ryanodine (Ry), for which the RyR is named,
binds preferentially to the open channel state of the receptor, where
increased Ry binding signiﬁes increased receptor activity (Pessah
et al., 1987). We utilized [3 H]ryanodine ([3 H]Ry; 59.4 Ci mmol−1 ;
Perkin Elmer) to assess the open channel state of the receptor
in the presence or absence of PCBs, PCB mixtures, or PCB/PBDE
mixtures. Radioligand binding assays were performed following
slightly modiﬁed protocols as previously described (Franck et al.,
1998; Pessah et al., 2006). Here, 40 g ml−1 of the crude protein
homogenate from trout muscle was incubated in the presence of
a DMSO solvent control, which never exceeded 1%, or individual
chemicals or chemical mixtures. All tests were run in triplicates
of 300 L in a buffer containing 8 nM [3 H]Ry, 250 mM KCl, 20 mM
HEPES, 15 mM NaCl, and 50 M CaCl2 , pH 7.1. Non-speciﬁc binding
in the presence of the DMSO control or 10 M of a given compound was run alongside each binding experiment. Here, crude
microsomal preparations were incubated under the same assay
conditions as outlined above but these tubes also contained 10 M

unlabeled ryanodine (1250-fold in excess of [3 H]Ry) and 200 M
EGTA. Assays were all incubated for 16 h at 25 ◦ C and then terminated by rapid ﬁltration through Whatman GF/B ﬁlters (retention
1 m) and washed with 15 ml of ice cold buffer consisting of
140 mM KCl, 10 mM HEPES, and 0.1 mM CaCl2 , pH 7.4. Total radioligand bound was determined by liquid scintillation counting (model
LS6500; Beckman) and speciﬁc binding determined by subtracting
non-speciﬁc values from total binding for each assay. Non-speciﬁc
binding never exceeded 20% of the total binding and neither PCBs
nor PBDEs altered non-speciﬁc binding as compared to the DMSO
control.
Concentration–response relationships, as measured by
increased speciﬁc [3 H]Ry bound, for individual chemicals were
determined in the presence of 0.05–50 M PCB or PBDEs. The
possible interaction of non-coplanar compounds toward RyR
activation was assessed utilizing mixtures of either PCB 95 and
PCB 136, which have similar receptor activities (Pessah et al.,
2006), or two distinct chemotypes PCB 95 and PBDE 49 known
to have variable potencies toward the RyR1 (Kim et al., 2010).
Concentration–response relationships for each chemical individually were run alongside binary mixtures, where the total amount
of halogenated compound present was created using equal potent
concentrations of each chemical in the respective mixture. To
assess the impact of a DL PCB on the activity of a NDL PCB, binding
experiments were conducted in the presence of 0.05–10 M
PCB 95, alone or in combination with 0.1, 1 or 10 M PCB 77, a
DL PCB that did not enhance RyR activity alone (see Section 3).
Environmentally relevant mixture exposures were recreated by
combining all 20 PCB congeners assessed in the current study
at levels proportional to the estimated maximum concentration
found in predatory ﬁsh in US lakes (Table 1; without PCB 126 as
noted in Section 1). For each congener, tissue levels originally
reported in g kg−1 were converted to M concentrations based
on that congener’s molecular weight. Subsequently 100X total PCB
stock solutions were created to contain levels of each congener
proportional to that found in ﬁsh. The crude protein homogenate
was incubated with total PCB concentrations ranging from 0.05 to
40 M dissolved in 1% DMSO.
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Table 2
Potency and efﬁcacy of PCB congeners toward activation of the ryanodine receptor, isoform 1, in rainbow trout skeletal muscle.
Congener

Maximum response (% of control)

EC50 (M)

20
28
44
52
66
77
95
99
101
110
132
136
149
151
153
170
180
183
187
194

116.40 ±
–
169.90 ±
250.10 ±
130.20 ±
–
237.40 ±
136.50 ±
194.30 ±
120.00 ±
121.80 ±
269.10 ±
257.90 ±
177.30 ±
167.10 ±
–
131.80 ±
143.70 ±
134.60 ±
130.00 ±

1.80
–
4.5
2.94
1.16
–
1.06
3.59
1.98
1.08
1.32
1.30
0.81
2.76
5.75
–
1.53
1.82
1.30
1.27

3.13
3.50
7.88
4.34
5.69
5.66
7.99
4.44
9.49
7.03
4.45
8.38
14.57
9.87
9.55
3.27
2.99

EC50 95%CI (M)
0.75–4.36
–
3.82–5.29
2.37–3.64
0.60–2.25
–
0.89–1.27
1.88–6.88
1.34–2.94
0.5–2.39
0.28–6.24
1.09–1.56
0.69–0.94
1.73–4.40
2.7–12.25
–
0.39–5.91
0.63–5.28
0.84–1.96
0.80–2.01

Log-probit slope

Bmax (pmol/mg)

(n)

2.83 ±
–
4.20 ±
2.66 ±
2.93 ±
–
2.15 ±
2.30 ±
1.83 ±
2.60 ±
1.70 ±
3.16 ±
3.40 ±
1.91 ±
2.25 ±
–
1.84 ±
1.58 ±
3.05 ±
8.94 ±

0.34 ±
–
0.50 ±
0.77 ±
0.42 ±
–
0.95 ±
0.61 ±
0.64 ±
0.48 ±
0.46 ±
0.96 ±
0.76 ±
0.77 ±
0.54 ±
–
0.40 ±
0.42 ±
0.45 ±
0.36 ±

3
3
3
6
6
6
12
6
6
9
9
6
6
6
6
6
6
6
9
3

0.10
0.10
0.09
0.00
0.05
0.05
0.04
0.01
0.04a
0.14
0.08
0.04
0.05
0.06
0.09
0.07
0.34

0.02
0.03
0.05
0.02
0.04
0.03
0.04
0.03
0.02
0.04
0.04
0.04
0.02
0.03
0.03
0.02
0.02

Notes: Percent responses were determined relative to the [3 H]Ry binding in the presence of a DMSO control; binding parameters represent mean ± SEM; (−) inactive.
Abbreviations: half maximum effective concentration (EC50 ); 95% conﬁdence interval (95% CI); maximal level of binding at saturation (Bmax ).
a
Parameter determined using activating concentrations only.

2.4. Statistical analysis
To assess concentration–response variability most chemicals
were assessed in repeat radioligand binding assays, as described
above, where assays utilized different protein preparations created from the ﬁlets of different ﬁsh. For some congeners there
were slight variations in the maximum response achieved even
though the overall responses observed between different protein preparations did not vary signiﬁcantly (data not shown). For
statistical purposes the repeated tests were combined in order
to provide a more accurate concentration–response curve for a
given chemical or chemical mixture (see Table 2; n = 3–12). The
concentration–response relationships were all determined utilizing Prism 5.0 (Graphpad Software) where the responses for
individual chemicals were ﬁt to a sigmoidal curve, and used to
determine the maximum percent response, as compared to the
DMSO control, and the effect concentration that would cause half
of the maximum response (EC50 ). For each congener, a slope was
obtained through linear regression of data ﬁt to a log-probit plot
and the maximum binding at saturation (Bmax ) was determined
utilizing non-linear regression.
Best ﬁt parameters for binary or environmental mixtures were
compared using an extra sum of squares F-test. Additivity between
binary mixtures of active congeners or of the environmentally relevant mixture was assessed using the concentration addition (CA)
model as previously described (Faust et al., 2000; Jonker et al., 2005;
Belden and Lydy, 2006; Boik et al., 2009). The CA model assumes
that all compounds in a mixture have a similar mode of toxic action
and thus can be summed once corrected for differences in potency.
Therefore, the total concentration that should elicit an expected
response was calculated using the following equation as previously
described:

ECXmix =

 n
−1
 p
si
i=1

ECXsi

where ECXmix is the total PCB concentration in the mixture that
is expected to cause x effect, psi is the proportion of substance i
present in the mixture and ECXsi is the concentration of substance
i shown to cause x effect. This equation was calculated from multiple expected effect concentrations for individual congeners and ﬁt

to a sigmoidal curve. The expected sigmoidal dose response curve
was compared to that calculated from the observed responses normalized to a baseline (control) response of 0 and the maximum
achieved response set at 100%. When the expected curve fell outside of the determined 95% conﬁdence interval for the observed
response it was determined to deviate from additivity.
The EC50 of an individual congener was deemed inappropriate for the evaluation of individual congener’s potency because
it is dependent on the maximum response observed for that congener. For example, the EC50 for PCB 20 and PCB 101 was similar
(see Table 2) but the congers led to signiﬁcantly different maximal responses. Therefore, for determination of relative potency
parameters percent responses were ﬁrst normalized to the presumed overall maximum response (Q) observed for any congener,
253.83% (average PCB 52, 95, 136, and 149; see Section 3), placing all
congeners on the same scale from 0 to 100. Therefore, the only congeners to reach the maximum response (Q100 ) were 52, 95, 136 and
149. Once normalized, the concentration expected to lead to 20%
(Q20 ) of the normalized maximum was calculated and compared to
the predicted Q20 for the highly efﬁcacious PCB 95.

3. Results
3.1. Individual PCB congeners enhance RyR1 activity
The ligand binding parameters for individual congeners are
summarized in Table 2, where concentration–responses were
determined with PCB concentrations ranging from 0 to 20 M as
levels exceeding 20 M often led to a decrease in the maximum
[3 H]Ry binding, or plateau for a given congener. These levels are
well above what is found in ﬁsh and may have exceeded the solubility limit, thus assay availability, for given congeners and therefore
were excluded from the calculations for all congeners. Of the congeners assessed, the most efﬁcacious at the receptor included PCB
52, 95, 136, and 149 (Fig. 1; Table 2). These congeners caused an
approximately 250% increase in [3 H]Ry binding compared to the
DMSO control, with EC50 values of 2.94, 1.06, 1.30 and 0.81 M for
PCB 52, 95, 136, and 149 respectively. Other efﬁcacious congeners
included PCB 44, 101, 151 and 153, which all caused greater than a
160% increase in receptor activity. These congeners all have at least
two chlorines in the ortho position (Table 1), whereas the non-ortho
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(A)

PCB 52
PCB 95
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Specific Binding
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PCB 95
PCB 136
95+136
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50
PCB136
PCB149

(B)

100
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50
0 -8

-7

-6

-5

Observed
Expected

75

Percent Effect

Specific Binding (% of Control)

250

50
25

-4

0
0 -8

PCB [Log M]

-7

Fig. 1. [ H]Ry binding in rainbow trout skeletal muscle homogenates in the presence
of PCB 52, 95, 136, or 149. Speciﬁc binding shown as a percentage of the DMSO
solvent control; mean ± SEM. PCB 136,149 and 52 (n = 6) and PCB 95 (n = 12).

Specific Binding
(% of Control)

a 2,2 ,5,5 substitution pattern but showed decreasing activity
at the receptor with one or both of the para positions occupied,
respectively (Fig. 2). Interestingly, PCB 170 was inactive at the
trout RyR1 despite the required di-ortho chlorine substitution and
PCB 132 enhanced receptor activity at concentrations up to 10 M
followed by a consistent decrease in activity that reached 88% of
baseline at 20 M (data not shown).
3.2. Binary and complex PCB mixtures display additivity at the
RyR1
When the two efﬁcacious NDL PCB congeners PCB 95 and PCB
136 were combined, the binary mixture followed the assumptions
described under the CA model (Fig. 3). Here, the mixture led to a
230% maximum response with an EC50 of 1.25 M total PCB (95%

PCB149 (2,2’,3,4’,5’,6)
PCB95 (2,2’,3,5’,6)
PCB183 (2,2’,3,4,4’,5’,6)

250

200

200

150

150

100

100

0

-8

-7

-6

PCB [Log M]

PCB52 (2,2’,5,5)
PCB101 (2,2’,4,5,5’)
PCB153 (2,2’,4,4’,5,5’)

300

250

50

-5

-5

Fig. 3. [3 H]Ry binding in rainbow trout skeletal muscle in the presence of PCB 95
and PCB 136 individually or in a mixture. (A) Enhanced activity compared to a DMSO
control; (B) observed Effect is the speciﬁc binding of the mixture normalized with
baseline set at 0 and the maximal response set at 100%; mean ± SEM, n = 3; (- - -) 95%
conﬁdence interval for the observed response. Expected values calculated following
the concentration addition model.

or mono-ortho PCBs assessed had no or negligible activity toward
RyR1. This included PCB 77, a coplanar congener lacking ortho substitution, and the mono-ortho PCB 28, which were inactive toward
RyR1 in the rainbow trout preparation. Mono-ortho PCB 20 and 66
did enhance receptor activity but in general were less efﬁcacious
than di- and tri-ortho substituted congeners.
In addition to enhanced receptor activity for those congeners
containing two or more chlorines in the ortho position, other patterns in chlorine substitution appeared to inﬂuence the ability of
PCB congeners to activate RyR1 (Fig. 2). When tri-ortho substituted
PCB 95 was compared to PCB 149, which has the same chlorine
substitution pattern but an additional chlorine in the para position,
there was no difference in efﬁcacy. However, PCB 183 that has
two para chlorine substitutions was far less efﬁcacious with a
maximum activation of 143%. The effect of para substitution on
decreased receptor efﬁcacy appeared to be consistent for the 20
congeners assessed and was especially true for the di-ortho PCBs.
For example the di-ortho substituted PCB 52, 101 and 153 all share
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Fig. 2. Impact of para chlorine substitution on PCB efﬁcacy at RyR1. Speciﬁc binding shown as a percentage of the DMSO solvent control; mean ± SEM; PCB 149, 183, 52, 101,
153 (n = 6) and PCB 95 (n = 12).
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Fig. 5. Environmentally relevant PCB mixtures alter the activity of RyR1 in rainbow
trout skeletal muscle. (A) Speciﬁc binding relative to the DMSO control; mean ± SEM
n = 12. Response: arrows represent the estimated concentrations of PCBs or mixtures
currently detected in ﬁsh tissue; bottom arrow is the sum concentration of the 20
congeners addressed in this study converted to M based on individual congener
MW; top arrow is the total PCB concentration of all 209 congeners (704 g kg−1 ) converted to M based on average PCB molecular weight. (B) Percent effect of observed
response compared to the expected dose response as predicted by the concentration
addition model. Observed responses based on the speciﬁc binding, found in graph
(A), with control set at 0 and the maximum mixture response set at 100%; (- - -) 95%
conﬁdence interval for the observed response.

(A)
Specific Binding

CI 0.84–1.87 M). The expected concentration–response curve, calculated from the individual congener responses, predicted that
the mixture would result in an EC50 of 1.29 M and the calculated expected curve fell within the 95% conﬁdence interval of that
observed for the mixture, suggesting that active NDL PCB congeners
display additivity toward RyR1. Combining the active congener PCB
95 with the coplanar congener PCB 77, which lacked activity at the
receptor, resulted in signiﬁcantly different dose–response curves as
compared to PCB 95 alone (Fig. 4; p < 0.0001; F = 6.988). Even though
the curves differed signiﬁcantly, as a result of slightly decreased
maximal response, the calculated EC50 for PCB 95 alone was not
signiﬁcantly different from that observed in the presence of PCB 77
(p = 0.27; F = 1.32).
When all 20 congener, addressed in the current study, were
combined at levels proportional to the maximal estimated concentration found in predatory ﬁsh across the US they led to an enhanced
RyR1 response equal to 161.00% of the DMSO control with an EC50 of
2.37 M (SEM ± 5.19%; 95% CI 1.71–3.29 M; Fig. 5A). The observed
percent effect of the mixture again appeared to follow the predictions of the CA model (Fig. 5B) further supporting congener
additivity at the RyR1. Here, the expected dose–response curve,
calculated from the percent effects for all 20 individual congeners,
feel within the 95% conﬁdence interval of that observed for the mixture. There were slight variations at the lower end of the expected
dose–response curve; however, the predicted EC50 (1.87 M) did
not differ from that observed for the mixture (p = 0.68; F = 0.17) and
one curve was found to adequately describe both observed and
expected data sets (p = 0.64; F = 0.63).

100
75

Fig. 4. [3 H]Ry binding in rainbow trout skeletal muscle due to PCB 95 alone or in
the presence of PCB 77. Speciﬁc binding shown as a percentage of the DMSO solvent
control; mean ± SEM, n = 3.
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Alone, PBDE49 lead to enhanced receptor activity with a maximal response of 167% and an EC50 of 3.48 M (SEM ± 13.15%; 95%
CI 1.65–7.35 M; Fig. 6A). When PBDE 49 was placed in a binary
mixture with PCB 95 the mixture lead to a maximal response of
220% with an EC50 of 3.0 M (SEM ± 12.38%; 95% CI 1.37–6.59 M;
Fig. 6A). The mixture of the two halogenated chemicals appeared
to follow the assumptions of the CA model (Fig. 6B) supporting
additivity of active compounds at the RyR1.
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3.3. Other halogenated compounds enhance RyR1 activity and
display additivity when present with PCBs
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3.4. Relative potency scheme
The TEQ developed for DL chemicals, including DL PCBs, is based
on the potency of a given chemical relative to the most potent AhR
agonist, TCDD (Van den Berg et al., 2006). In an effort to establish
a similar relative potency scheme for NDL PCBs, and other halogenated congeners, in ﬁsh a similar approach was taken. The EC50 of

Fig. 6. [3 H]Ry binding in rainbow trout skeletal muscle in the presence of PCB 95
and PBDE 49 individually or in a mixture. (A) Enhanced activity compared to a DMSO
control; (B) observed effect is the speciﬁc binding of the mixture normalized with
baseline set at 0 and the maximal response set at100%; mean ± SEM, n = 3; (- - -) 95%
conﬁdence interval for the observed response. Expected values calculated following
the concentration addition model.
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Table 3
Non-dioxin like PCB relative potency factors (RPFa ) in ﬁsh and mammals.
Congener

Fish normalized Q20 (M)

Fish RPF

Mammal EC2X (M)b

Mammal RPF

Comparison (ratio)

20
28
44
52
66
77
95
99
101
110
132
136
149
151
153
170
180
183
187
194

79.33
–
5.35
1.40
10.66
–
0.43
15.53
1.03
NC
18.57
0.72
0.45
2.21
5.81
–
11.16
6.76
7.11
11.36

0.01
–
0.08
0.31
0.04
–
1.00
0.03
0.42
–
0.02
0.60
0.96
0.20
0.07
–
0.04
0.06
0.06
0.04

2c
5c
0.8c
0.49
2.38
5.00
0.22
2.80
0.86
1.13
0.91
0.23
0.33
0.50
1.21
0.73
0.96
0.55
0.58
0.5c

0.11
0.04
0.28
0.45
0.09
0.04
1.00
0.08
0.26
0.19
0.24
0.96
0.67
0.44
0.18
0.30
0.23
0.40
0.38
0.44
Average

0.05
–
0.29
0.69
0.44
–
1.00
0.35
1.64
–
0.10
0.63
1.45
0.45
0.41
–
0.17
0.16
0.16
0.09
0.50

Note: Inactive (−) or not converged (NC).
a
RPFs shown relative to PCB 95.
b
Values from Pessah et al. (2006).
c
Estimated from Rayne and Forest (2010).

an individual congener was deemed inappropriate for such measures because it is dependent on the maximum response observed
for a that congener. For example, the EC50 for PCB 20 and PCB
101 was similar (see Table 2) but the congers led to signiﬁcantly
different maximal responses. Therefore, the concentration needed
to elicit 20% of the maximal possible response (Q20 ) observed for
any congener (∼253%) was determined. The Q20 for individual congeners can be found in Table 3 along with the relative potency as
compared to that of PCB 95.
4. Discussion
The current study demonstrated that, similar to the mode of
toxic action in mammalian species, NDL PCBs enhance the activity
of the RyR1 found in skeletal muscle of the rainbow trout. The
RyR1 is essential to countless physiological processes (Berridge,
2006; Pessah et al., 2010) and disruption due to either genetic or
environmental factors has been correlated to impacts on muscle
contraction and swimming performance in mammals (Bellinger
et al., 2008; Betzenhauser and Marks, 2010; Cherednichenko et al.,
2012) and ﬁsh respectively (Hirata et al., 2007; Seebacher et al.,
2012; Fritsch et al., 2013). Disruption by NDL PCBs, speciﬁcally, is
known to increase the open probability of the RyR1 resulting in a
leaky channel and ultimately depleted SR Ca2+ stores (Pessah et al.,
2010). While the direct impact of NDL PCB mediated depletion
on muscle contraction requires further investigation depleted SR
stores is a known mechanism of muscle fatigue and reduced force
production (Allen et al., 2008) and is associated with decreased
fatigue resistance in carp (Seebacher et al., 2012). In the current
study, we demonstrated individual congener effects and we
showed that binary and complex mixtures display additivity at
the receptor, which is supported by trends published elsewhere
(Kostyniak et al., 2005; Pessah et al., 2006). The impact on the
receptor occurred with congeners prevalent in ﬁsh and at the
levels currently detected in their tissue suggesting that further
studies regarding the effect of NDL PCBs on the muscle contraction
and swimming performance of ﬁsh are needed to fully address the
risks posed by PCBs in aquatic ecosystems.
In this study we addressed the effect of PCBs spanning a wide
array of chlorine substitution patterns and while this was not a

complete proﬁle the congeners used here are similar to that utilized in rabbit studies (Pessah et al., 2006), which were shown to
adequately explain the potential range of RyR1 toxicity induced by
all 209 PCBs (QSAR; Rayne and Forest, 2010). From these studies
several assumptions can be made regarding PCB mediated toxicity
at the RyR1: (1) activity likely requires a minimum of mono-ortho
substitution; (2) congeners with two or more chlorines in the orthoposition are highly efﬁcacious; and (3) congeners with increased
para substitution are likely less efﬁcacious at the RyR1 when compared to those with similar chlorine patterns but lacking chlorines
in the para position. Here, the QSAR developed by Rayne and Forest
(2010) suggested that para-substitution on both biphenyl rings may
not describe less efﬁcacious congeners; however, thus far in vitro
experiments conducted on non-coplanar halogenated compounds
support this conclusion (current study; Pessah et al., 2006; Kim
et al., 2010).
In addition to the similarities between the vertebrate taxa
there were also several notable differences including lower
maximal responses achieved for any congener and higher effective concentrations in the trout. These differences may be due
to slight variations in assay conditions including the use of
trout crude microsomal protein preparations versus more puriﬁed rabbit preparations of junctional SR (Pessah et al., 2006).
Preparation could have accounted for differences in relative lipid
concentrations contributing to altered concentration–responses.
Additionally, variable afﬁnity for the radioligand to the RyR1 could
lead to an overall response difference as the maximal achieved
binding of the ligand varies between mammals and teleost species
(Thomas et al., 1996; Qi et al., 1998).
Species sensitivity to NDL PCBs might also be described by variable characteristics of skeletal muscle physiology. Filets utilized in
this study consisted primarily of white skeletal muscle, where RyR1
and RyR, isoform 3 (RyR3), are known to be co-expressed in several ﬁsh species (O’Brien et al., 1995; Franck et al., 1998). In contrast
adult mammalian muscle, as used in previous studies (Pessah et al.,
2006), do not express RyR3 (Legrand et al., 2008). Sensitivity to NDL
PCBs may vary between RyR isoforms explaining the lower efﬁcacy
seen in ﬁsh, which is supported by studies showing distinct pharmacology and gating behavior between RyR1 and RyR3 (Fessenden
et al., 2000). Also, in mammalian systems NDL PCB congeners cause
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an over-activation of the RyR through a mechanism involving the
immunophilin FKBP12/12.6, which are accessory proteins that stabilize the conformational state of the channels (Wong and Pessah,
1997; Qi et al., 1998; Pessah et al., 2006, 2010). There is limited
research regarding FKBP12 binding to the RyR in ﬁsh; however,
what has been done suggests that the stoichiometry of the complex
varies between ﬁsh and mammals (Qi et al., 1998). Differential regulation of the conformational state of the channel by FKBP12 may
explain the observed differences in NDL PCB sensitivity.
Regardless of differences in overall sensitivity and efﬁcacy we
found that NDL PCBs enhance RyR1 activity in the trout at levels
found in the environment. Namely, when the estimated maximum
concentrations of the 20 PCBs utilized in this study were summed
it represented levels equal to 1.24 M (based on congener MW),
which is above the calculated 10% of maximal effect concentration
(EC10 = 0.92 M) observed for the congener mixture (Fig. 5A, bottom arrow). The ability of this mixture to enhance the activity of
the receptor is likely conservative because many of the other 209
congeners, which were not tested here, are known or predicted
to enhance RyR activity (Pessah et al., 2006; Rayne and Forest,
2010). The maximum concentration of all 209 PCBs detected by
Stahl et al. (2009) was estimated at 2.16 M (704 g kg−1 ; based
on average PCB MW). This is relative to the observed EC50 of the 20
congener mixture at 2.37 M, shown to enhance receptor activity
at an approximate 130% (Fig. 5A, top arrow). Making the assumption that all active congeners display additivity at the RyR1 and that
non-active congeners only slightly decrease the impact of PCBs on
the receptor we hypothesize that many of the other congeners in
the total PCB burden in ﬁsh would contribute to the observed toxicity at the RyR1. This is supported by ﬁndings that PCB extracts
from (Pessah et al., 2006) or representative of congener proﬁles
(Kostyniak et al., 2005) found in various forms of environmental
media are capable of activating the RyR1in mammals at total PCB
levels as low as 1 M.
The relevance of a 10%, or greater, over-activation of ﬁsh RyR1
at environmental PCB concentrations has not been established but
chemical perturbation by NDL PCBs correlates with enhanced Ca2+
efﬂux from the SR in mammalian cellular assays, SR Ca2+ depletion, and is linked to weak muscle contraction and developmental
neurotoxicity (Pessah et al., 2010). Additionally, chemicals known
to act on the RyR, or related proteins, alter muscle contraction
and swimming performance in exposed teleost species (Seebacher
et al., 2012; Fritsch et al., 2013). The whole animal and ecological relevance of chronic over-activation of the RyR1 by NDL PCBs
needs to be further addressed to fully understand the risks posed
by complex PCB mixtures.
Current regulatory practices assess the relative toxicity of a
given PCB congener or group of congeners compared to that of the
potent AhR activator TCDD to create what is known as TCDD equivalency factors (TEF) or TCDD equivalents (TEQ) respectively. Utilizing
this scheme the threat of individual PCB congeners, or environmentally relevant mixtures, can be evaluated (Van den Berg et al., 1998,
2006) providing a useful regulatory tool (USEPA, 2000; Stahl et al.,
2009). However, TCDD based toxicity has only been demonstrated
for a select number of PCBs and thus the sole use of the TEQ scheme
may inaccurately represent the total impact of PCB contamination
(Giesy and Kannan, 1998; Pessah et al., 2010).
Several groups have suggested the development of a similar
relative toxicity scheme for NDL PCBs focusing on inducible neurotoxicity in in vitro or in vivo assays (Simon et al., 2007; Rayne
and Forest, 2010). This has led to so called neurotoxic equivalency
factors (NEF) or neurotoxic equivalents (NEQ) for individual congeners or mixtures of PCB classes, respectively (Simon et al., 2007;
Rayne and Forest, 2010), and includes the neurologic or neurodevelopment toxicity mediated by the RyR1 or RyR2 (Kim et al., 2010;
Pessah et al., 2010; Wayman et al., 2012a, 2012b). However, to date
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NEF/NEQ parameters have yet to be utilized to evaluate the neurotoxic risk associated with exposure to or body burdens of PCBs.
Here, the calculated relative potency values in trout were generally
lower than those previously determined for the rabbit (Table 3)
suggesting that the application of developed NEQs for mammals
would also be protective in ﬁsh. Therefore, using the NEQs developed by Rayne and Forest (2010), together with documented PCB
concentrations, future studies could evaluate the neurotoxic risk
associated with a given waterbody or exposure scenario.
It should also be noted that PCBs are often present in the environment together with other halogenated compounds. Particularly,
PBDEs share many structural similarities with the non-coplanar
PCBs and our study shows that the commonly detected PBDE 49
(Hites et al., 2004b), does in fact enhance RyR1 activity in the rainbow trout (Fig. 6A), which is consistent with its effects seen in
mammals (Kim et al., 2010). Given the additivity of PBDE 49 and
PCB 95 at the receptor (Fig. 6B) it is likely that PBDEs contribute
to altered RyR1 function when present together with PCBs. A full
quantitative structure activity relationship for PBDE congeners has
not been established, but work to date suggests that similar characteristics as that seen for PCBs may mediate toxicity at the receptor
(Kim et al., 2010). Taken together this suggests that a NEQ scheme,
evaluating environmentally relevant impacts of non-coplanar compounds on the RyR, would be a useful tool that when utilized with
the currently established TEQ would provide a more inclusive measure of the risks that legacy and current use persistent organic
pollutants pose to aquatic environments.
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